[1] Coupled intragrain diffusional mass transfer and nonlinear surface complexation processes play an important role in the transport behavior of U(VI) in contaminated aquifers. Two alternative model approaches for simulating these coupled processes were analyzed and compared: (1) the physical nonequilibrium approach that explicitly accounts for aqueous speciation and instantaneous surface complexation reactions in the intragrain regions and approximates the diffusive mass exchange between the immobile intragrain pore water and the advective pore water as multirate first-order mass transfer and (2) the chemical nonequilibrium approach that approximates the diffusion-limited intragrain surface complexation reactions by a set of multiple first-order surface complexation reaction kinetics, thereby eliminating the explicit treatment of aqueous speciation in the intragrain pore water. A model comparison has been carried out for column and field scale scenarios, representing the highly transient hydrological and geochemical conditions in the U(VI)-contaminated aquifer at the Hanford 300A site, Washington, USA. It was found that the response of U(VI) mass transfer behavior to hydrogeochemically induced changes in U(VI) adsorption strength was more pronounced in the physical than in the chemical nonequilibrium model. The magnitude of the differences in model behavior depended particularly on the degree of disequilibrium between the advective and immobile phase U(VI) concentrations. While a clear difference in U(VI) transport behavior between the two models was noticeable for the column-scale scenarios, only minor differences were found for the Hanford 300A field scale scenarios, where the model-generated disequilibrium conditions were less pronounced as a result of frequent groundwater flow reversals.
Introduction
[2] The mobility of U(VI) in oxic groundwater is generally controlled by adsorption, and is regulated by solution chemistry and surface properties of the prevailing mineral phases [Grenthe et al., 1992; Kohler et al., 1996; Davis et al., 2004; Bond et al., 2008] . Nonequilibrium mass transfer processes were found to play an important role in the overall transport behavior of U(VI) at the column and field scale, especially when groundwater velocities are high [Qafoku et al., 2005; Liu et al., 2006; Yabusaki et al., 2008; Liu et al., 2008; Liu et al., 2009a; Ma et al., 2010] . However, surface complexation reactions of metals are known to be extremely rapid; they attain equilibrium within the order of milliseconds [e.g., Grossl et al., 1997] . Thus, the nonequilibrium U(VI) mass transfer behavior observed at column and field scale is believed to result from diffusion-limited exchange between the advective mobile pore water and surface complexation sites in intragrain, intra-aggregate, and particle coating domains [Liu et al., 2006; Stubbs et al., 2009] . The overall U(VI) mass transfer rates are typically affected by microscopic heterogeneity in the chemical (e.g., adsorption site concentration and surface complexation thermodynamic parameters) and physical (effective diffusion coefficients and diffusion path lengths) properties of the intragrain and intra-aggregate regions.
[3] Since it is generally difficult to quantify the chemical and physical heterogeneity within the intragrain region to allow explicitly modeling diffusion paths, a common approach is to approximate the system with a series of firstorder mass transfer rates. The multirate model typically employs a distribution (e.g., gamma or lognormal) of firstorder rates to describe physical diffusion processes [e.g., Gorelick, 1995, 1998; Haggerty et al., 2000; Wang et al., 2005] . It has often been used to simulate the nonequilibrium linear sorption of organic contaminants in porous media affected by physical and chemical heterogeneity [e.g., Connaugthon et al., 1993; Pedit and Miller, 1994; Chen and Wagenet, 1995; Culver et al., 1997] . Within this framework it has previously been shown that the coupled linear sorption and diffusional mass transfer between mobile pore water and microscopic immobile domains can be described by two model approaches that are mathematically equivalent [Nkedi-Kizza et al., 1984; Valocchi, 1985; Haggerty and Gorelick, 1995] : the physical and the chemical nonequilibrium model. The physical model explicitly accounts for dissolved and adsorbed mass within the immobile pore domains. It treats the sorption reaction as an instantaneous process and simulates the diffusional mass exchange between mobile and immobile pore water by a set of multiple first-order mass transfer rates. The chemical model on the other hand lumps the dissolved and adsorbed mass within the immobile pore domain and simulates the nonequilibrium mass transfer by a set of multiple first-order kinetic sorption reactions. By applying a chemical multirate linear sorption model, Qafoku et al. [2005] could successfully describe the effect of microscale heterogeneity on the nonequilibrium adsorption/desorption behavior of U(VI) that was observed in column experiments with sediment from the Hanford 300A site, Washington, USA.
[4] As the models are based on the assumption that the sorption reactions are linear, they cannot be applied where the sorption process becomes nonlinear, e.g., for surface complexation in a dynamic environment where the local hydrogeochemical conditions can vary rapidly in space and time. Changing hydrogeochemical conditions are a common feature under field-scale conditions [Curtis et al., 2006] , particularly in surface water/groundwater interaction zones, such as the Hanford 300A site where the aquifer is impacted by dynamic surface water intrusion and recession due to rapid water level changes in the nearby Columbia River [Yabusaki et al., 2008; Ma et al., 2010; Greskowiak et al., 2010] . To account for the effect of varying hydrogeochemical conditions on the U(VI) adsorption process, Liu et al. [2008 Liu et al. [ , 2009a substituted the linear adsorption term in the chemical nonequilibrium model by surface complexation reactions. This means the model approximates the coupled physical nonequilibrium mass transfer process (i.e., intragrain diffusion) and surface complexation reactions by a set of multiple first-order kinetics. In contrast to the corresponding physical nonequilibrium model, it eliminates explicit treatment of diffusive mass transfer and aqueous speciation within the immobile pore water of the intragrain regions. This approximation makes it computationally efficient and feasible for column Yin et al., 2011] and field scale applications Greskowiak et al., 2010; Hammond and Lichtner, 2010] . First attempts have been made to assess the chemical nonequilibrium model under variable hydrogeochemical conditions in stirred-flow reactors [Liu et al., 2009a] and column experiments [Yin et al., 2011] , where it had produced a reasonable agreement with experimental data.
[5] The physical nonequilibrium model, however, is thought to be a more accurate representation of the kinetic regime, given the explicit inclusion of an aqueous immobile zone. This allows for differing aqueous chemistries in bulk and intragrain regions, and also has implications for mass transfer rates as a function of adsorption affinity, as we show below. Although it is the preferred model for representing a diffusive process, its implementation is often limited by its greater complexity and added computational demands. The physical model contains one additional parameter (the immobile zone porosity) and requires independent aqueous geochemical calculations for each immobile solution cell in contact with the mobile zone. The physical model can therefore easily require orders of magnitude more computational time than the chemical model, depending on model discretization. For this reason, its application even to laboratory systems can become difficult. Thus, to determine under which circumstances the chemical model is a suitable alternative to the more demanding physical model, information and understanding of how the physical nonequilibrium model responds to variable flow and hydrochemical conditions and how this compares to the behavior of the chemical nonequilibrium model under such conditions is highly important. This type of direct comparison of model predictions is currently lacking in the literature.
[6] With the present modeling study we aim to close this gap. The objectives of our investigation were to (1) characterize and compare the behavior of the chemical and physical nonequilibrium approaches to simulate coupled diffusion and equilibrium surface complexation reactions in the intragrain regions under varying hydrogeochemical conditions and its effect on macroscopic U(VI) transport behavior and (2) identify under what conditions the behavior of the chemical and the physical nonequilibrium model are expected to differ and the reasons for their divergence. The analysis was carried out for both column and field scale scenarios that reflect the characteristic hydrological and hydrogeochemical conditions at the Hanford 300A site (Figure 1 ).
Methods
[7] The simulations and subsequent analyses were carried out for a column experiment based on Liu et al. [2008] and a corresponding one-dimensional field scale model based on Ma et al. [2010] and Greskowiak et al. [2010] . These studies used the chemical nonequilibrium, multirate first-order kinetic surface complexation approach (see Figure 2) to account for the nonequilibrium adsorption/desorption behavior of U(VI) in the contaminated Hanford 300A aquifer.
[8] For the present study an alternative approach has been employed for comparison, i.e., the physical nonequilibrium approach that approximates diffusive mass transfer by multirate first-order solute exchange between mobile and immobile intragrain pore spaces (see Figure 2 ). In this physical nonequilibrium approach the U(VI) surface complexation reactions were treated as instantaneous reactions and were assumed to occur only within the intragrain porosity (see Figure 2 ). All flow and reactive transport simulations were performed with the groundwater flow simulator MODFLOW-2000 [Harbaugh et al., 2000] [Zheng and Wang, 1999] and the geochemical reaction model PHREEQC-2 [Parkhurst and Appelo, 1999 ] through a sequential operator splitting approach. The third-order total-variation-diminishing (TVD) method was employed for all transport simulations. It is generally highly accurate and minimizes numerical dispersion while conserving mass [Zheng and Bennett, 2002] . The time discretization for all reactive transport simulations has been chosen sufficiently fine to rule out numerical errors potentially induced by the temporal operator splitting technique. No redox reactions were considered in the reaction network. It was assumed that the uranium is present only in the þVI oxidation state, as the contaminated aquifer at the Hanford 300A site was found to be entirely aerobic [e.g., Williams et al., 2007] . : ) is the adsorption extent of adsorbed species j and is defined as the theoretical concentration of adsorbed species j that would be in equilibrium with the aqueous phase according to the surface complexation model (see below) ; N is the total number of chemical components; M i is the number of adsorbed species containing chemical component i; and MD is the total number of adsorption domains.
[10] It is assumed that the rate constants associated with the adsorption sites follow a lognormal probability distribution. In order to discretize this rate constant distribution, each adsorption domain k was assigned the same adsorption site concentration S k ¼ S tot /MD, and the individual rate constants k were computed from :
where S tot is the total adsorption site concentration (mol kg
À1
), S k is the adsorption site concentration (mol kg
) in adsorption domain k, and and are the mean and standard deviation of ln(), respectively. For computational efficiency the number of adsorption domains was limited to MD ¼ 10.
[11] The model utilized a generalized composite surface complexation model that was developed and reported earlier by Bond et al. [2008] for the Hanford 300A site:
where >SOH represents a surface site for uranyl adsorption; >SOUO 2 OH and >SOUO 2 HCO 3 are the surface-complexed uranyl species; and K 1 and K 2 are the equilibrium constants for reactions (4) and (5), respectively. The adsorption extents for the surface complexes >SOUO 2 OH and >SOUO 2 HCO 3 are calculated from reactions (4) and (5):
where the brackets indicate the activity of the individual aqueous species. The adsorption extents Q SOUO 2 OH and Q SOUO 2 HCO 3 describe the theoretical surface complex concentrations of >SOUO 2 OH and >SOUO 2 HCO 3 that would be present within an adsorption domain k if it was in full equilibrium with the bulk aqueous phase. Note that for the conditions of our study, including the variations in pH and carbonate concentrations, the denominator in equations (6) and (7) does not significantly deviate from 1; thus the adsorption extents are linearly proportional to the UO 2þ 2 activity. Aqueous speciation reactions were treated as equilibrium reactions and the activities of the aqueous species were calculated by the Davies equation. The stability constants of the aqueous U(VI) species were taken from Liu et al. [2008] .
Physical Nonequilibrium Approach
[12] In the physical nonequilibrium model, diffusion between mobile pore water and intragrain/intra-aggregate pores is described as multirate first-order physical mass transfer [e.g., Haggerty and Gorelick, 1995] . The first-order mass transfer occurs between the advective (mobile) aqueous phase and MD immobile aqueous phases that reflect the intragrain and intra-aggregate regions. Coupled to a multicomponent reaction network (here aqueous speciation and surface complexation), this leads to a so-called multicomponent multicontinuum model [e.g., Donado et al., 2009; Willmann et al., 2010] . For one-dimensional advectiondispersion it is described by the following set of equations: component i in adsorbed species j, ! k is the physical firstorder rate constant between the mobile domain and immobile domain k, and M i is the number of adsorbed species.
[13] The absorbed equilibrium concentrations P im;k j in the physical model are calculated from the surface complexation reactions (equations (4) and (5)) depending on the aqueous species concentrations and the surface site density S k in each immobile domain. The total immobile porosity im is the sum of the individual immobile porosities k im . The total immobile porosity was set to im ¼ 8 Â 10
À4 for all simulations (Table 2) , based on grain fracture porosities found for vadose zone sediments from the Hanford BX tank farm [Ilton et al., 2008; Liu et al., 2009b] .
[14] In the physical nonequilibrium model we assumed that the physical rate constants associated with the immobile porosities follow a lognormal probability distribution, where the rate constant for each of the immobile domains can be computed from
where and are the mean and standard deviation of ln(!), respectively. Corresponding to the discretization procedure for the chemical nonequilibrium model, 10 immobile domains and associated physical rate constants were used in this study, and each of the immobile domains was assigned the same immobile porosity
As information about the relation between sorption site density S k and the immobile porosity k im of an immobile domain k is typically not readily available, we assumed for simplicity that the sorption site density is uniformly distributed across the immobile domains: S k ¼ S tot /MD, and thus is consistent with the chemical nonequilibrium model.
Column Scenarios
[15] The column scenarios were adapted from earlier simulations of a large column experiment with U(VI) contaminated Hanford 300A field textured sediment . The 80 cm column was flushed with a synthetic groundwater solution to investigate U(VI) desorption behavior. On the basis of the original experiment and simulations of Liu et al. [2008] , we introduced a hypothetical case with varying hydrochemical composition of the inflow solution to reflect the hydrochemical dynamics of groundwater-river water mixing that occurs at the Hanford 300A site. The solutions for the column simulations were selected to correspond to the hydrochemical end members observed in the field, which include the average Columbia River water and the average ambient groundwater (Table 1) . The ambient groundwater is characterized by a lower pH and higher carbonate and calcium concentrations and thus, according to the proposed site specific surface complexation model (equations (4) and (5)), leads to a lower U(VI) adsorption affinity than the river water, which has a higher pH and lower carbonate and calcium concentrations Greskowiak et al., 2010] .
[16] The Hanford 300A U(VI) plume exhibits complex hydrologic and hydrochemical behaviors because of its linkage with the Columbia River that experiences daily ($1 m) and seasonal ($2.5 m) stage changes. During the low river flow period (August-April), groundwater flows primarily toward the river, and daily river stage changes cause brief periods of river water intrusion that extend 10-20 m inland. River stage oscillations over this period cause frequent changes in groundwater flow direction. In the spring and early summer (April-August), the river stage increases by up to 3 m causing an extended period of river water intrusion that may extend as much as 150 m inland. River stage oscillations over this period continue to cause short term changes in groundwater flow direction. The period of high water ends gradually in late July and August, with an oscillating mixing zone of groundwater and river water that moves slowly from west (inland) to the river boundary.
[17] To evaluate these characteristic field conditions with respect to the behavior of the physical and chemical nonequilibrium model approaches, two column scenarios were investigated. In both scenarios the initial pore water solution at t ¼ 0 was set to the composition characterizing groundwater. Subsequently, the model columns were flushed with groundwater and with alternating groundwater and river water in scenarios C1 and C2, respectively. C1 (constant chemistry) is the constant inflow of groundwater. C2 (variable chemistry) is the alternating inflow of groundwater and river water starting with groundwater.
[18] First, the chemical nonequilibrium model was employed for both scenarios with the chemical rate constant distribution as used in previous studies Ma et al., 2010; Greskowiak et al., 2010] . Then, with the physical rate constant distribution parameters calculated as described below, the physical model was employed for scenarios C1 and C2. This procedure reflects situations where the models were calibrated for constant hydrochemical conditions (e.g., groundwater) but later applied under more variable hydrochemical conditions (variable mixes of river water and groundwater).
[19] U(VI) was assumed to exist solely in the adsorbed state at the beginning of the simulation (t ¼ 0) for the column scenarios. Flushing with a U(VI) free solution started after an initial equilibration time of approximately 3 days. The inflow rate was held constant, with several flow interruptions by stop flow events. These were introduced to 
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discern between the individual processes of nonequilibrium U(VI) release and transport by advection-dispersion. The timing and the duration of the stop flow events were identical to those of the column experiments and simulations described by Liu et al. [2008] and Greskowiak et al. [2010] . All model parameters in the physical and chemical nonequilibrium models are given in Table 2 .
Field Scale Scenarios
[20] The field scale scenarios employed in this study resembled those studied by Ma et al. [2010] and Greskowiak et al. [2010] . Following Greskowiak et al. [2010] , a one-dimensional model was utilized to represent the highly permeable upper Hanford formation. The model domain is positioned in an east-west direction adjacent to the Columbia River (Figure 1 ). The extent of the model domain was 500 m and its flow boundaries were set as time-variant, constant head boundaries. The western (inland) boundary was defined by hourly hydraulic head data observed at monitoring well 399-3-19 (Figure 1 ). The river side boundary was defined by hourly hydraulic head data extracted from a calibrated cross-sectional model of this site developed by Ma et al. [2010] . The inflow solution at the western (inland) boundary was defined as the ambient groundwater ( Table 1) , while that at the river side boundary was set as river water (Table 1 ). The initial conditions in the entire model domain were defined as the ambient groundwater composition (Table 1 ). The simulation time was one year from 27 October 2007 to 27 October 2008. The initial U(VI) plumes in the aqueous phase were created by placing all U(VI) into the sorbed phase following an initial equilibration time of 5 days under no-flow conditions. This allowed for an almost complete equilibration with the aqueous phase. In order to assess how different assumptions on the initial conditions with respect to the location and extent of the U(VI) plume would affect the results of the physical and chemical nonequilibrium models, three field scale scenarios F1-F3 were investigated.
[21] In scenario F1, the U(VI) plume is initially (t ¼ 0) present between 300 and 340 m from the western boundary, such that it is located well within the furthest reach of seasonal river water intrusion (similar to the model setup in Greskowiak et al. [2010] ).
[22] In scenario F2, the U(VI) plume is initially present between 200 and 480 m from the western boundary and thus covers both the zone of marginal influence of river water intrusion distant from the river and the zone of dominant groundwater-surface water mixing close to the river.
[23] In scenario F3, the same as scenario F2 but the initial U(VI) plume is extended eastward such that its edge is located directly adjacent to the river side boundary. This means that in contrast to scenario F2 there is no initial U(VI)-free zone between the eastern edge of the initial plume and the river side boundary.
[24] All field scale scenarios were carried out for the chemical and physical nonequilibrium model utilizing the respective rate constant distribution parameters from the column scenarios. This reflects the situation where the models would have been calibrated from field data of an U(VI) sorption/desorption experiment carried out under strict groundwater conditions, e.g., at a location or during a time period where this location is not affected by river water intrusion. This is indeed a likely scenario as, e.g., in the current Hanford 300A integrated field scale research challenge (IFRC) project of the US Department of Energy, the high resolution grid of monitoring wells for field scale tracer and adsorption/ desorption experiments was installed at a location 120 m from the river shoreline that is affected by river water intrusion approximately every second or third year. The physical and chemical nonequilibrium models were compared for the simulated U(VI) concentration profiles in the model domain and for U(VI) mass flux to the river.
Results and Discussion

Physical and Chemical Model Comparison Under Linear Sorption
[25] Before presenting the calculation results obtained for the column and field scenarios, it is useful to compare the physical and chemical model formulations side-by-side to understand how the two models behave and under what circumstances they would be expected to deviate. For this purpose, simplification to linear-adsorption formulations of the models serves as a more convenient starting point. It is important to note that for the conditions of our study, the linear adsorption (K d ) concept can indeed be utilized to 
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explain and compare the behavior of the two nonequilibrium models under the considered scenarios. This is because (1) adsorption occurs far from saturation of the adsorption sites for the considered surface site and U(VI) concentrations and (2) the activity of aqueous species UO 2 2þ is approximately linearly proportional to the total U(VI) component concentration and to the adsorbed concentration (see section 2.1). Thus, adsorption/desorption of U(VI) can be described with the constant K d linear sorption model if the water chemistry is not varying. When the water chemistry is varying, the value of the linear distribution coefficient K d mainly depends on the pH and the carbonate and calcium concentrations as a result of the surface complexation reactions. Therefore, the K d varies for different mixing ratios of river water and groundwater (Figure 3) . The K d does not change linearly with the mixing ratio, as the mixing of these two different water types leads to nonlinear changes in aqueous speciation which, in turn, lead to nonlinear effects on surface complexation.
[26] A comparison of physical and chemical nonequilibrium linear adsorption model formulations was performed by Nkedi-Kizza [1984] for a single rate-limited immobile domain. Equivalence of these two models in a multirate context was demonstrated in the work of Haggerty and Gorelick [1995] . This means it is possible to convert between the rate constants of the chemical and the physical model. Following Haggerty and Gorelick [1995] , the conversion can be obtained assuming that (1) the mass of dissolved U(VI) in the immobile zone is very small compared to the mass of adsorbed U(VI) at any given time (which is the case in our study due to the extremely small amount of immobile pore water) and (2) the sorption site densities are uniformly distributed across the sorption/immobile domains of the model (the derivation is given in the auxiliary material):
where
) is the distribution coefficient for U(VI), physical and chemical are the logarithm mean of the rate constant distribution of the physical and chemical model, respectively.
1 Note that the standard deviation of the rate constant distribution will be identical for the physical and chemical model.
[27] From equation (11), one can calculate for a specific K d a logarithm mean of the physical rate constant distribution so that the physical model produces the same simulation results as the chemical model. However, when the K d changes in response to variations in water chemistry, the physical and chemical model formulations will subsequently predict different kinetic behavior. For instance, a reduction in adsorption strength (decrease in K d ) due to water chemistry changes would result in an enhanced mass transfer rate in the physical model relative to the chemical model, whereas an increase in adsorption strength would result in a slower mass transfer rate in the physical model. The transport of U(VI) will consequently be influenced in different ways depending on aqueous chemistry and flow, as illustrated in the modeling results of the column and field-scale scenarios discussed below.
Column Scenarios 3.2.1. Constant Water Composition
[28] The injection of a constant water composition into the column was simulated in scenario C1 representing typical groundwater. After the initial equilibration time of 3 days, a U(VI) free solution was pumped into the column that caused a sudden decrease in the simulated U(VI) concentration at the outlet of the column (Figure 4 ). Comparable decreases were observed after each of the stop flow events (Figure 4) . The decrease occurred because U(VI) could not be desorbed quickly enough during the residence time to maintain the high concentration levels generated during either initial equilibration or the stop flow events. The U(VI) concentration increases and the system slowly approaches adsorption equilibrium during the stop flow events. In contrast, the flushing phases are characterized by strong adsorption disequilibrium as the concentration difference between adsorption extent and the actual adsorbed concentrations (in the chemical nonequilibrium description) is maintained due to the U(VI) free solution entering the column. Note that the term ''adsorption disequilibrium'' will also be used in discussions of the physical nonequilibrium model where the mobile and immobile pore water are not in equilibrium with respect to the U(VI) concentrations. A comprehensive description and discussion of the processes observed in the experiment, including multirate kinetics, can be found in Liu et al. [2008] and Greskowiak et al. [2010] .
[29] As outlined in the previous section, sorption of U(VI) can be considered as linear for a given water composition. Thus, in order to obtain identical simulation results of the physical and the chemical nonequilibrium model for groundwater conditions in scenario C1 (Figure 4) , the logarithm mean of the physical rate constant distribution was adjusted after equation (11) (4) and (5) and the surface site concentration given in Table 2 . model is given in Table 2 . As expected, the physical and chemical models yield identical results under constant aqueous chemical conditions (Figure 4 ).
Variable Water Composition
[30] We had calculated the logarithm mean of the rate constant distribution of the physical model to reproduce the simulation results of the chemical nonequilibrium model under scenario C1 (Figure 4) . Now both the chemical and physical nonequilibrium models were exposed to variable chemical conditions, as defined in scenario C2, while their rate constant distribution parameters were not changed.
[31] River water was injected into the column in scenario C2 after the initial equilibration with groundwater. The sudden drop in effluent U(VI) concentration was more pronounced with river water than it was with groundwater ( Figure 5) . A comparable response was noted for both the chemical and physical nonequilibrium models, and resulted from the higher adsorption strength associated with river water composition (Figure 3 ). This behavior was observed for all cases where the inflow water composition was changed to river water. As explained in section 3.1, the mass transfer rate and the kinetic adsorption rate of the physical and chemical model, respectively, do not change in the same way with changing K d . For example, with a change from groundwater to river water and thus increasing K d (Figure 3) , the rates in the chemical model would increase in comparison to the physical model. Thus, after the switch to river water in scenario C2, desorption rates are higher and the drop of U(VI) concentrations is not as pronounced for the chemical model as for the physical model.
[32] As the different behavior of the chemical and physical nonequilibrium model under changing water composition (or changing actual K d ) is a result of the different impacts on the kinetic and mass transfer rates, respectively, the effect is stronger when the adsorption disequilibrium is higher. On the other hand, when the system approaches equilibrium, e.g., during the stop flow events, the discrepancy between the chemical and physical nonequilibrium model decreases, 
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as can be seen for the longer stop flow periods, e.g., between 28 and 35 days ( Figure 5 ).
[33] The different behavior of the chemical and physical model under changing water composition is clearly noticeable in our column simulations; the relative difference is always around 50% under river water conditions. Yin et al. [2011] showed that U(VI) desorption data from column experiments assigning hydrochemically changing inflow solutions could be moderately well described with the chemical nonequilibrium model. Experimental uncertainties, especially uncontrolled water chemistry changes from buffering reactions, mainly calcite dissolution, within the column were assumed to be the main reason for the discrepancy of experimental data and simulation. They concluded that processes affecting the major ion chemistry largely controlled the adsorption/desorption behavior of U(VI) rather than mass transfer rates. To test whether calcite dissolution has a mitigating effect on the different behavior of the two models under changing inflow chemistry, we have carried out an alternative column scenario. In this scenario, calcite has been allowed to dissolve. Calcite started to dissolve when the calcite undersaturated river water entered the column. This resulted in an increasing pH as well as increased carbonate and calcium concentrations in the river water and lowered the associated K d from $43 L kg À1 (see Figure 3 ) to 24 L kg À1 , which is closer to the K d of $13 L kg À1 associated with groundwater ( Figure 3) . Therefore, the relative difference between the simulation results of the two nonequilibrium models decreased to around 25% under river water conditions (simulation results not shown).
[34] Another interesting, although small effect is unique to the physical nonequilibrium model. After each concentration drop caused by the flushing with river water in scenario C2, the U(VI) concentrations increase slightly within the following 1-2 days until they gradually start to decrease for the rest of the flushing phase. An illustrative PHREEQC batch-type simulation provides insight into why this phenomenon occurs. In this simulation the immobile domains and their adsorption sites were initially set to be in equilibrium with groundwater (i.e., aqueous U(VI) in the immobile pore water is 3 lmol L À1 ), while the mobile pore water was assumed to be river water containing a lower U(VI) concentration (0.09 lmol L
À1
). This represents a situation encountered when the first pore volume of river water has just reached the outlet of the column that was in previous contact with groundwater. With the river water present in the mobile domain, mass transfer leads to a gradual change in the chemistry of the immobile pore water from groundwater to river water: pH increases and carbonate and calcium concentrations decrease, thus increasing adsorption potential. This triggers surface complexation of U(VI) in the immobile pore, with concomitant proton release. The displaced protons affect the pH in the volumetrically small immobile domains (Figure 6a) , decreasing from 7.3 to 7.15. Associated changes in aqueous carbonate, calcium, and UO 2 2þ speciation occur and lead to an order of magnitude increase in adsorption strength (or the actual K d ) for U(VI) (Figure 6b ). The resulting decrease in U(VI) aqueous concentrations in the immobile pore water (Figure 6c ) increases the U(VI) flux from the mobile into the immobile domains, and decreases U(VI) concentrations in the mobile domain (Figure 6d ).
[35] The amplified adsorption in the immobile domains eases when the river water pH becomes dominant in the immobile pore water causing a reduction in adsorption strength (or actual K d ) back to the value associated with river water (Figure 6b ). U(VI) concentrations in the immobile domains consequently increase again (Figure 6c ) such that the direction of flux changes, and U(VI) is transferred back to the mobile domain (Figure 6d ). This means that the effect of amplified adsorption strength occurs only at early times of river water contact. Consequently, a water parcel entering the column at the beginning of the river water injection period would not become as quickly enriched by desorbing U(VI) as water parcels entering the column during later times of river water injection, resulting in decreased U(VI) concentrations at the leading edge of the river water plume. This effect is not noticeable for the chemical nonequilibrium model because the protons released by U(VI) surface complexation are released directly into the mobile zone where they are diluted to insignificance. Although the influence of the pH excursion is relatively small, they illustrate how transient differences in mobile and immobile zone chemistry can affect U(VI) speciation and kinetics; effects not captured by the chemical model.
[36] When the injection water in scenario C2 was switched back to groundwater, the simulated U(VI) concentration increased again due to the lower K d generated by the groundwater composition ( Figure 5 ). The U(VI) concentration becomes even higher than in scenario C1 because of the different mass removal histories of U(VI) from adsorption sites in the two scenarios. The mass removal of U(VI) by river water in scenario C2 was less than by groundwater because of the higher adsorption potential in river water. More U(VI) is then available for desorption in scenario C2 when groundwater is reintroduced than it is in scenario C1. This leads to higher effluent concentrations in scenario C2.
Field Scale Scenarios 3.3.1. Dynamics of the U(VI) Plume
[37] A range of field scale scenarios was simulated to evaluate physical and chemical nonequilibrium behavior with respect to different initial U(VI) plume locations and extents. The corresponding rate constant distribution parameters were the same as those utilized in the column scenarios. The principal behavior observed for both the physical and chemical nonequilibrium model was that only limited plume movement occurs after the initial 5 day equilibration period, as shown for scenarios F1 and F2 in Figure 7 (note that day zero in Figure 7 is after the initial 5 day equilibration period). This is a result of the combined effect of chemically induced retardation and 1-3 groundwater flow direction reversals per day, slowing down plume migration. Note that the annually averaged Darcy velocity is 0.2 m d À1 toward the Colombia River. Uncontaminated water from the plume fringes does not intrude quickly and far enough into the plume as a result of the daily groundwater flow reversals to generate strong adsorption disequilibrium, except during short time periods of fast and sustained unidirectional flow Hammond and Lichtner, 2010] . The plume center is predominantly characterized by near-equilibrium conditions, while the plume fringes are dominated by strong sorption disequilibrium . This can be seen from the mass transfer rates, e.g., bulk adsorption/desorption rates of the chemical nonequilibrium model shown for scenarios F1 and F2 in Figure 7 . Higher rates indicate a higher degree of sorption disequilibrium.
[38] When the river water comes in contact with the U(VI) plume during river water intrusion periods (indicated by the pH profiles in Figure 7 ), U(VI) concentrations decrease as a result of stronger adsorption promoted by the river water composition. This behavior occurs in scenario F1 only during the spring high water stage where river water intrudes far into the aquifer (e.g., between 216 and 264 days; see Figure 7 ). U(VI) concentrations increase again after river water recedes and is replaced by ambient groundwater (Figure 7) . The gradual decrease of U(VI) concentration in the plume center during the simulation period, however, is due to dispersive spreading of the plume. A temporal decrease of U(VI) concentrations in the region of the plume located closest to the river occur at a high frequency during the simulation period for scenarios F2 and F3 (shown for scenario F2 only), as river water in this zone intrudes and recedes on a daily, sometimes hourly frequency.
[39] The easterly edge of the initial plume (day zero) in scenario F2 is located 20 m away from the river. During times when the groundwater flow direction points toward the river (Figure 7) , U(VI) is transported from the plume center into the region where adsorbed U(VI) was initially absent (i.e., between initial plume edge and river). Dissolved U(VI) adsorbs to surface sites in that region. Aqueous U(VI) that passes this zone is discharged to the river.
Chemical Versus Physical Nonequilibrium Model
[40] The U(VI) plume behaves similarly for both the chemical and physical nonequilibrium models, as shown for scenarios F1 and F2 in Figure 7 . Small differences in U(VI) concentrations can be observed at locations where two conditions are fulfilled at the same time: (1) the plume is affected by river water intrusion, i.e., exposed to water composition changes ( Figure 7 ) and (2) the system is in adsorption disequilibrium. This is in agreement with the findings from the column simulations.
[41] Concentration differences between the two models were only observable for scenario F1 when river water has intruded far into the aquifer, approximately 200 and 290 days after the start of the simulation (Figure 7 ). At day 264, i.e., the beginning of river water recession, groundwater movement has occurred toward the river during the previous 24 h and a groundwater-river water mixture has reached the plume area from the west (see pH in Figure 7 ). Enhanced desorption occurs as a result of the associated decrease in K d . However, mass transfer is slower for the physical nonequilibrium model because the actual K d in the plume is still higher than that in the ambient groundwater. Desorbed U(VI) concentrations are accordingly lower during desorption near the center of the plume. On the other hand, adsorption occurs at the downstream side of the plume as U(VI) is transported to largely unoccupied adsorption sites in the plume fringe. Adsorption occurs more slowly for the physical nonequilibrium model than for the chemical model, leaving higher U(VI) concentrations in the fringe zone downstream of the plume.
[42] In scenario F2, when the groundwater is flowing toward the river but the hydrochemical environment is still dominated by river water conditions (e.g., days 72, 96, 240, 264, and 288 ) the U(VI) concentrations of the chemical nonequilibrium model at the plume fringe (i.e., between initial plume edge and river) are lower than those of the physical nonequilibrium model. Here the same explanation holds as for scenario F1; the fringe zone is affected by a higher K d compared to the case where ambient groundwater W08501 GRESKOWIAK ET AL.: COMPARING NONEQUILIBRIUM U(VI) SURFACE COMPLEXATION MODELS W08501 conditions were present, leading to higher adsorption rates in the chemical nonequilibrium model. Therefore, more U(VI) mass leaves the aquifer in the physical nonequilibrium model (Figures 7 and 8 ). For the same reason, when the groundwater flow is directed inland and the hydrochemical environment is dominated by river water, e.g., at day 216, the uncontaminated river water in the physical nonequilibrium model does not become enriched in U(VI) as quickly as in the chemical nonequilibrium model. Lower concentrations result for the physical nonequilibrium model, especially where desorption rates are strongest, i.e., at the initial plume fringe. However, when the river water moves further into the aquifer soon equilibrium is reached and U(VI) concentrations become the same for both the chemical and physical nonequilibrium model, except for the leading edge of the river water. Here, U(VI) concentrations are noticeably decreased for the physical nonequilibrium model as compared to the chemical nonequilibrium model (days 216, 240, and 264 in Figure 7 ). This is the same effect that was observed in the column scenarios where the amplified adsorption strength in the immobile domains at early times of river water exposure temporally suppresses mass transfer to the mobile pore water.
[43] While the differences between chemical and physical nonequilibrium models are rather small with respect to the U(VI) concentrations and their dynamics, the U(VI) mass flux into the river in scenario F2 was more strongly affected by the choice of the model approach (Figure 8 ). The mass flux was noticeably higher for the physical nonequilibrium model in scenario F2. In contrast, the U(VI) mass flux in scenario F3 was quite similar for the two model approaches (Figure 8 ). The initial plume in scenario F3 was located next to the river. Therefore the development of a plume fringe and associated concentration gradients is less pronounced than in scenario F2, where the initial U(VI)-free zone between the plume and the river is strongly affected by the dispersive spreading of the plume. Adsorption disequilibrium is stronger at the plume fringes than at the plume center. Consequently, adsorption at the river boundary is closer to equilibrium in scenario F3 than scenario F2. Thus, U(VI) discharge to the river in scenario F3 was less affected by mass transfer. A similar finding was reported by Hammond and Lichtner [2010] for this plume condition. As the differences in the behavior of the physical and chemical nonequilibrium model become increasingly pronounced with greater adsorption disequilibrium, the difference in U(VI) mass discharge between the two model approaches was higher in scenario F2 than in scenario F3. The mass discharge for the physical model in scenario F3 was lower than for the chemical model, which contrasts with the results from scenario F2. This is because the mass flux in scenario F3 was controlled by desorption rather than adsorption of U(VI) since the initial plume is located next to the river.
[44] While it appears that the two modeling approaches generate noticeable differences in U(VI) mass flux under scenario F2, it is not yet clear whether other factors could equally or even more strongly impact the mass discharge. Other important factors are, for example, the choice of surface complexation model, buffering reactions, or the river water composition and its variability. Two additional simulations for scenario F2 were carried out to reveal the impact of (1) calcite dissolution in the groundwater-river water mixing zone and (2) river water chemistry by setting the river water composition to that of groundwater. U(VI) mass-discharge increased when calcite dissolution by river water was allowed (Figure 8 ). The overall difference in mass flux between the calcite and no-calcite case was higher than the discrepancy between the physical and chemical nonequilibrium models for the individual cases (Figure 8) . Furthermore, the difference between the physical and chemical models was less pronounced in the calcite case. Calcite dissolution increased the pH as well as the carbonate and calcium concentrations in the intruded river water and reduced the K d and brings it closer to that of groundwater. As expected from the column simulations, no differences in U(VI) mass flux were observed between the physical and chemical models for the constant hydrochemistry simulation (river water ¼ groundwater) because the K d was constant. The constant hydrochemistry simulation, however, produces a higher mass flux than the variable hydrochemistry and the calcite case. Thus, accurate information on calcite distribution and river water composition appear to be more important for prediction of U(VI) discharge than the choice of the nonequilibrium model. The high importance of accurate information about processes affecting the major ion chemistry and their dynamics to predict U(VI) transport was also concluded in the work of Yin et al. [2011] .
[45] As the net groundwater flow points toward the river, it is expected that adsorption sites between the initial plume and the river in scenario F2 will become increasingly occupied with simulation time, and that the distinct fringe zone conditions at this location will disappear. With time, scenario F2 should therefore slowly transform into scenario F3 and the discrepancy in U(VI) mass flux between the physical and chemical nonequilibrium models should diminish. However, even a 5 year simulation for scenario F2 did not show this effect. After 5 years the discrepancy in U(VI) mass discharge still shows a constant increase (Figure 9 ).
[46] Even if the discrepancy in U(VI) mass flux between the two model approaches may decrease at some stage, it might increase again when the trailing fringe of the plume and the associated adsorption disequilibrium reaches the groundwater-river water mixing zone near the river. That U(VI) mass discharge becomes increasingly sensitive to the kinetic sorption rates in the later stages of the plume migration was demonstrated by Hammond and Lichtner [2010] and indicates an increasing degree of adsorption disequilibrium. A demonstration of the expected differences in U(VI) mass discharge between the chemical and physical nonequilibrium models in the later stages of the plume 
Conclusions
[47] Two alternative model approaches were compared that describe coupled intragrain diffusion and surface complexation of U(VI). Comparative model simulations were performed to investigate the behavior of these approaches for different reactive transport scenarios under both laboratory and field scale hydrological and hydrochemical conditions that were representative of, but not limited to, the Hanford 300A site. The physical nonequilibrium approach was found to be more sensitive to changes in water composition than the chemical nonequilibrium approach. The differences between these two approaches were increased with an increase in adsorption disequilibrium. On the other hand, the models behaved similarly when the system was closer to equilibrium and/or the changes in water composition were small. The effect of changing water composition was found to be significant in the unidirectional column scenarios as a result of sustained adsorption disequilibrium. Robust datasets from future column experiments are needed to confirm these findings.
[48] The differences in simulated plume behavior for the physical and chemical nonequilibrium models were not significant for Hanford 300A field scale conditions. Frequent groundwater flow reversals lead to less pronounced disequilibrium, especially near the plume center. On the other hand, the simulated discharge of U(VI) into the river was notably affected by the model approach due to the enhanced adsorption disequilibrium in the plume fringe located next to the river. However, this study shows that accurate knowledge of other variables, e.g., the distribution and concentration of calcite in the groundwater-river water interaction zone, or the variability in river water composition may be more important for an adequate prediction of the U(VI) mass discharge than the choice of the nonequilibrium approach. Furthermore, facies-scale physical and chemical heterogeneity, which has not been considered in the presented one-dimensional scenarios, may further diminish the significance of behavioral differences between the chemical and physical models under varying hydrochemistry. The adsorption site and adsorbed U(VI) concentrations are typically higher in finer grained aquifer facies where the advective velocity is lower than in more permeable zones. The physical and chemical models are expected to perform equally well for this condition as disequilibrium between the bulk and intragrain pore water may not be pronounced in these regions. The same is expected for the vadose zone of this site, as sorption disequilibrium was found to be small due to the long transport times in this zone [Yabusaki et al., 2008] . It may be concluded that for field scale simulations of U(VI) transport at the Hanford 300A site the chemical nonequilibrium model, i.e., the multirate kinetic surface complexation model proposed by Liu et al. [2008] , is a robust simplification of the diffusion-limited nonequilibrium approach while being computationally more efficient with fewer parameters. Although the differences in simulation results between the chemical nonequilibrium model and the physical nonequilibrium model were arguably small relative to the impact of other uncertainties at the Hanford 300A field site, this work demonstrates that the adequacy of the chemical model as an approximation to the physical model is highly dependent on the prevailing hydrochemical and hydrological conditions. Thus, with respect to other field sites and settings, it is recommended to evaluate the choice of the physical or chemical nonequilibrium approach on a case-by-case basis. 
